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Abstract 

Historically, solid wastes were commonly landfilled in the coastal zone in sites with 

limited engineering to isolate waste from adjacent coastal environments. Climate 

change is increasing the likelihood that these historic coastal landfills will be 

inundated or eroded resulting in the release of soluble contaminants to the coastal 

zone. Previously research has focussed on the environmental impacts of leaching 

from landfills in freshwater environments with little or no consideration being given 

to saline environments. This research investigated the magnitude, variability and 

potential environmental consequences of soluble metal release from solid wastes 

when historic coastal landfills are inundated, or wastes are eroded and released into 

fresh or saline waters. The proportions of the sites’ total metal contents released to 

solution varied by up to an order of magnitude between different landfills due to the 

different physical and chemical characteristics of the solid wastes, but the 

proportions released were typically «1% in freshwater. Inundation by saline water 

significantly increases the proportions of the total metal contents released to 

solution, e.g. 5,450% more Pb in one study site (median value), but again the 

proportions were typically «1%. The exception was Cd, where up to 9% of the total 

Cd load of one site was released in saline water. This puts into question the 

suitability of current landfill regulatory tests, e.g. the EU Waste Acceptance Criteria, 

and many risk assessment methods, which only consider freshwater inundation and 

leaching. However, the very low proportions of metals mobilised from the solid 

waste and the high dilution ratios in coastal waters, mean EQSs for the Protection of 

Surface Water are unlikely to be exceeded, and the release of solid wastes through 
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coastal erosion poses a greater threat to coastal ecological health than leaching of 

soluble metals from contained solid wastes. 
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1.    Introduction 

Since the beginning of the 20th Century low-lying coastal and estuarine areas have been 

used for solid waste disposal and many of these historic landfills predate modern 

environmental regulations that require leachate monitoring, management or 

confinement (Brand et al., 2017). As a result of climate change, increased rainfall 

frequency and intensity may increase leachate generation and soluble contaminant 

release from historic landfills, and historic coastal landfills are now at risk of tidal 

flooding as a result of sea level rise and/or coastal erosion (Titus et al., 1991; Lowe et 

al., 2009; IPCC, 2012; Committee on Climate Change, 2018) with the potential to 

release both solid waste (Brand and Spencer, 2019) and soluble contaminants to the 

coastal zone. Across Europe over 10,000 such sites are at risk (Wille, 2018), while 

extreme hydrological events have recently released both soluble and solid wastes from 

historic landfills in North America and New Zealand (United States Environmental 

Protection Agency, 2017; Department of Conservation, 2019). Globally, high levels of 

waste production and less stringent environmental regulation may also mean that many 

recent disposal sites are uncontrolled, particularly in the Global South (Gupta et al., 

2015; Gu et al., 2017) releasing wastes such as microplastics to the marine environment 

(Su et al., 2019). In England alone there are over 1200 historic coastal landfills with a 

0.5% annual probability of tidal flooding if not adequately protected, and, without 

intervention, 10% (c. 122 landfills) could start to erode by 2055 (Brand et al., 2017). 

Many of these sites are currently protected by flood defences or form part of the flood 

defence network (Brand et al., 2017). However, there are very limited funding 

opportunities to maintain this protection and, since solid wastes are likely to be 

persistent in the environment, the presence of waste in the coastal zone is a long-term 

problem (Committee on Climate Change, 2018; Nicholls et al., 2018).  

Over time solid waste degrades, and as rain water and overland run-off percolates 

through the wastes, soluble contaminants will be released in leachate to the surrounding 
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environment (Kjeldsen et al., 2002). For historic landfills, in the absence of leachate 

confinement, natural attenuation in adjacent soils and sediments dilutes and disperses 

these leachate contaminants before they enter surface waters (Brand et al., 2017; O'Shea 

et al., 2018). It is generally assumed that release of soluble contaminants will cease after 

a few decades (Kruempelbeck and Ehrig, 1999), although ammonium release can persist 

for much longer timescales (Gooddy et al., 2014). Under scenarios of sea level rise 

and/or storm surges these historic landfills could now be inundated with saline tidal 

waters with the potential to increase leachate generation through the increased volume 

of percolating waters and hydraulic head (Bagchi, 1994), and the potential to enhance 

contaminant mobility through increased salinity and changes to chemical speciation of 

contaminants. In addition, should solid waste be eroded and released to the near-shore 

environment there is the potential for remobilisation of contaminants as waste is 

physically fragmented and re-worked within the swash zone. There is some knowledge 

of the impact of saline leachates on solid waste, as leachate circulation in modern 

contained landfills frequently results in brines; however, most studies have reported on 

the suppression of microbial activity and organic matter decomposition rather than 

changes to contaminant behaviour and/or speciation (e.g. Alkaabi et al., 2009; Ogata et 

al., 2016). There has been little research into the effects of seawater ingress into landfill 

waste (Khoury et al., 2000; Brand et al., 2017) or the release of soluble contaminants 

from solid waste that has eroded into surface waters (Neuhold, 2013); hence, we have 

little understanding of the extent to which inundation or erosion of coastal landfills 

could result in pollution risk or adversely affect surface water quality. 

Currently, there are no clear protocols for assessing the impact of leaching from landfill 

waste in coastal saline environments. Present-day landfill regulatory standards 

categorise modern waste as inert, non-hazardous or hazardous based on its potential to 

adversely affect water quality if leachates leak from landfill sites using Waste 

Acceptance Criteria (WAC) tests (Council Decision, 2003; Council Directive, 1999). 

However, WAC tests were originally developed for the protection of groundwater 

(Defra, 2010) and do not account for the differences in salinity between fresh, estuarine 

and coastal environments.  

Here, we investigate the potential environmental impacts on surface waters from mobile 

metals released from landfill waste that is either inundated by fresh or saline flood water 
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or eroded into adjacent estuarine or coastal surface waters. To assess the potential 

impacts from landfills that are inundated but the waste has remained fully encapsulated, 

we adapt the standardised regulatory leaching WAC tests. To assess the potential 

impacts from landfills that have eroded and released waste into surface waters, we 

consider the potential dilution in estuarine receiving waters and make comparisons to 

Environmental Quality Standards (EQSs) for the Protection of Surface Water. In 

addition, we determine whether different proportions of the total metal contents are 

released from different landfill sites to test the assumption made in many existing risk 

assessment methods (e.g. Laner et al., 2008; 2009; Neuhold and Nachtnebel, 2011; 

Neuhold, 2013) that all landfills release the same proportion of their metal content when 

inundated. 

2.    Methodology 

2.1 Sample collection 

Solid waste material was excavated from two historic landfill sites on the north bank of 

the Thames Estuary, Essex, UK (Figure 1). Hadleigh Marsh landfill received household 

and commercial waste between 1980-1987, and forms a 4 km long, 65 m wide flood 

embankment. Leigh Marshes landfill was constructed between 1955 and 1967 and 

contains household, commercial and industrial waste, and forms a recreational area of 

approximately 0.25 km2 protected by a flood embankment (Environment Agency, 

2015). The sites pre-date legislation requiring detailed records to be kept of the waste 

deposited (Secretary of State, 2002). Both sites fall within the Environment Agency’s 

Flood Map for Planning flood zone 3 (0.5% annual probability of tidal flooding if 

undefended), and are in an area designated as Ramsar, Special Protection Area, Site of 

Special Scientific Interest, and a Marine Protected Area. Hadleigh Marsh is on an 

eroding coastline.  

Samples of waste were collected in 45 l plastic containers from excavator-dug trial pits 

in each of the landfill sites (Figure 1). To minimise cross-contamination, the excavator 

bucket was jet washed between locations. To maintain field moisture levels the 

containers were sealed before transportation back to the laboratory where they were 

refrigerated until required. This sampling method oxygenated the waste during its 

collection and is representative of waste materials that have been eroded onto the 
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foreshore. Further details of the sampling locations, sample collection and 

environmental designations at the sites can be found in Brand and Spencer (2019).  

 

Figure 1: Hadleigh Marsh flood embankment, Leigh Marshes recreational area, and the trial pit 

locations. (Created using data © Environment Agency copyright and/or database right 2017. All 

rights reserved. Contains information © Local Authorities. © Crown copyright and database rights 

2004 Ordnance Survey 100024198) 

2.2 Sample preparation and analyses 

Due to the hazardous nature of the material all sample handling was undertaken in a 

fume cupboard. All glassware, plasticware and ceramicware were acid washed (10% 

HNO3), rinsed three times in deionised water and dried before use.  

2.2.1 Leaching of samples 

Two homogenised samples (one per landfill) of matrix material (granular material <4 

mm in size) were created from the excavated waste. The matrix material was selected as 

it is the most abundant material present (by mass) in typical household waste since the 

1930s (Bridgwater, 1986; Parfitt, 2009) and it carries the majority of the metal load 

(Brand and Spencer, 2019). Batch leaching experiments were carried out on field moist 

10 (±0.5) g subsamples using BS EN 12457-2 (British Standards Institution (BSI), 

2002), the standard British landfill industry method used to determine whether present-

day waste can be classified as inert, non-hazardous or hazardous under the Landfill 

Directive Waste Acceptance Criteria (WAC) (Council Directive, 1999; Council 
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Decision, 2003). Half of the samples were leached using deionised water (to represent 

freshwater), and half using artificial seawater (35.14g of Sigma-Aldrich sea salts, 

product no. S9883, in 1 litre of deionised water), by agitating them on an orbital shaker 

for 24 hours. Deionised water was used to represent freshwater to be compliant with BS 

EN 12457-2 requirements in order to allow comparison with the WAC. Artificial 

seawater was used rather than water from the study area to allow results to be directly 

comparable if the method is replicated at other sites. The volume of leachant used for 

each sample was calculated to achieve a leaching ratio of 10 litres of leachant per kg of 

dry waste (see BS EN 12457-2), to make these calculations the moisture content was 

determined by drying additional subsamples. A total of 48 waste samples were leached 

(12 per landfill/leachant combination). A minimum of one blank sample (containing 

leachant, but no sample) per leachant type was included for each ten matrix material 

samples leached to determine background contaminant levels.  

Dissolved oxygen concentration (YSI 550A dissolved oxygen meter), temperature, 

redox potential and pH (VWR pH110 meter with pH/temp probe and ORP electrode) 

were measured in 25% of the leachates (including the blanks) at the start and at the end 

of the leaching period prior to centrifuging (OECD, 2000; British Standards Institution 

(BSI), 2002). (Results can be found in the supplementary information.) 

 The resulting leachates were decanted into 50 ml centrifuge tubes and centrifuged for 

10 minutes at 2000 rpm (Eppendorf centrifuge model 5804) and the supernatants 

filtered to 0.45 µm using cellulose acetate membrane syringe filters (Radojevic et al., 

2006). The filtered leachates were then refrigerated until they were analysed for 

dissolved metal concentrations (using ICP-MS) and dissolved organic carbon 

concentrations.  

2.2.2 Analysis of residual metal content 

After leaching the matrix material was dried to determine its moisture content, and 

analysed to determine its residual metal content to allow determination of the initial 

mass of metals in the samples using mass-balance (Brand, 2017) and the proportions of 

metals released. 

The residual metal content was extracted by heating 0.5 (± 0.025) g subsamples of the 

dried post-leaching matrix material in 12 ml Aqua Regia (3:1 HCl:HNO3) for 5 h. The 
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resulting solutions were then filtered and made up to 50 ml volume with deionised 

water. The solutions were then refrigerated until they were analysed using ICP-MS. 

Each dried subsample was analysed in triplicate (totalling 36 extractions per 

landfill/leachant combination), 10% blanks were used to check for background 

contamination, and extractions of a Certified Reference Material (BCR-143R) were 

used to test recovery rates.  

2.2.3 ICP-MS analysis and quality control 

To determine metal concentrations, all leachates and aqua regia extractions of the post-

leaching matrix material were analysed by ICP-MS (Thermo Scientific X Series 2), 

calibrated with at least five data points constructed using appropriate stock calibration 

standards. Artificial seawater leachates were diluted by a factor of five, using 2% nitric 

acid, to reduce the total dissolved solids to within the ICP-MS analyser’s limits. The 

deionised water leaches and post-leaching matrix material extractions were not diluted. 

The method and instrument precision were measured using replicate extractions of a 

Certified Reference Material (BCR-143R), the mean relative standard deviation 

(%RSD) was 4.7%. The mean recovery for the CRM extractions was 91.7% with a 

mean %RSD of 3.8%. The Limits of Quantitation (LoQ) for the ICP-MS analysis were 

equal to the Limit of Detections (LoD), which are shown in Table 1. 

Table 1: Limits of Detection for ICP-MS analysis 

 Limit of Detection (µg/L) 

 Al Cd Co Cr Cu Fe Mn Ni Pb Zn 

Deionised water leachates 1.10 0.01 0.01 0.01 0.01 0.50 0.06 0.02 0.01 0.20 

Artificial seawater leachates 1.00 0.05 0.05 0.05 0.05 2.50 0.30 0.10 0.05 1.00 

Extractions 12.0 1.00 8.00 14.0 6.00 15.0 1.00 14.0 40.0 3.00 

 

2.2.4 Dissolved organic carbon analysis 

To determine their dissolved organic carbon (DOC) content 5 ml aliquots of each 

leachate were analysed using a Skalar Formacs Combustion TOC Analyzer calibrated 

using potassium biphthalate standards of 0.1, 0.5, 1, 5, 10, 25 and 50 µ/L. A blank 

(deionised water) was analysed between each seawater leachate to ensure the analyser 

was fully rinsed between samples. Instrument precision was assessed using triplicates of 
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two leachates on each analysis run and achieved a mean %RSD of 2.7%. (Results can 

be found in the supplementary information.) 

2.3 Statistical analysis techniques 

A nonparametric statistical method (Mann-Whitney U, α=0.05) was used to determine 

whether there were significant differences between datasets as the majority of the 

contaminant datasets were not normally distributed (determined using frequency 

distributions and Kolmogorov-Smirnov tests). To explore the relationship between the 

proportions of metals released and DOC, Spearman’s rank correlation coefficients were 

calculated (α =0.05). All statistical analyses were undertaken using IBM SPSS Statistics 

22. Detailed results of the statistical analysis are included within the supplementary 

information. 

2.4 Calculation of the potential resulting metal 

concentrations in the receiving waters 

The total dry mass of the matrix material in each site or waste cell (as appropriate) was 

estimated by substituting typical values for household waste composition, density and 

moisture content at the time of construction (Parfitt, 2009; Leonard et al., 2000; 

Tchobanoglous et al., 1993; Riber et al., 2009) into Equation 1 (Brand and Spencer, 

2019). No data were available relating to commercial or industrial waste composition at 

the time the sites constructed or the proportions of the sites that contain commercial or 

industrial waste, it was therefore assumed that the composition was similar to household 

waste of the time (Defra, 2013; Brand and Spencer, 2019). This was then used with the 

median values of mass of metal released per kilogram of dry waste results from the 

leaching experiments to calculate the total dissolved metals released to the receiving 

waters (Equation 2). Finally, this data and the tidal prism (585,000,000 m3) for the 

Thames Estuary (Mikhailov and Mikhailova, 2012) were used to calculate conservative 

estimates of resulting metal concentrations after dilution in the receiving waters (the 

Thames Estuary) to allow comparison to EQSs (Equation 3). 

Equation 1: Calculation of the dry mass of the material type of interest (Brand and Spencer, 2019) 

𝑀𝑙𝑎𝑛𝑑𝑓𝑖𝑙𝑙 = 𝑉𝑥 𝐷 𝑥 
𝑃

100
 𝑥 (1 −

𝐿𝑐

100
) 
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Where: 
Mlandfill = dry mass of the material type of interest (tonnes), NB to obtain the dry mass of the matrix 
material the dry masses of fines, miscellaneous and putrescible materials must be calculated 
individually and summed. 
V = total volume of landfill waste at site of interest (m3) Leigh Marshes = 800,000 m3 (Brand, 
2017), Hadleigh Marsh = 500,000 m3 divided into 7 waste cells (Essex County Council, n.d.) 
D = typical landfill density at construction, 0.54-0.72 tonnes m-3 (Leonard et al., 2000) 
P = percentage of typical household waste that was the material of interest at the time the landfill 
was constructed, estimated from Parfitt (2009).  
Lc = moisture content (% by mass) in material at time of landfilling. fines and misc.=8%, 
putrescible materials=70% (Tchobanoglous et al., 1993; Riber et al., 2009) 

Equation 2: Calculation of the total dissolved metal released to the receiving waters 

𝑀𝑑𝑖𝑠𝑠𝑜𝑙𝑣𝑒𝑑𝑚𝑒𝑡𝑎𝑙 = 𝑀𝑙𝑎𝑛𝑑𝑓𝑖𝑙𝑙  𝑥 𝑀𝑟𝑒𝑙𝑒𝑎𝑠𝑒𝑑  𝑥 10−3 

Where: 
Mdissolvedmetal = total dissolved metal released to the receiving waters (kg) 
Mlandfill = total dry mass of matrix material in the landfill or waste cell (tonnes) 
Mreleased = mass of metal released during leaching (mg) per kg of dry matrix material 
 

Equation 3: Calculation of the concentration of dissolved metal in the receiving waters 

𝐶𝑅𝑊 =  
𝑀𝑑𝑖𝑠𝑠𝑜𝑙𝑣𝑒𝑑𝑚𝑒𝑡𝑎𝑙  𝑥 109

𝑉𝑑𝑖𝑙𝑢𝑡𝑖𝑜𝑛
 

Where: 
CRW = concentration of the metal in the receiving waters (ng L-1) 
Mdissolvedmetal = total dissolved metal released to the receiving waters (kg) (Equation 2) 
Vdilution = tidal prism volume of receiving waters (m3) 
 

3.    Results 

3.1 Composition of excavated waste samples 

The waste excavated from Leigh Marshes landfill was predominantly composed of a 

brown and black, fine-grained particulate matrix interspersed with broken bricks, glass, 

ceramics, and small quantities of paper, rubber, bones, plant materials and wood (Figure 

2). The waste excavated from Hadleigh Marsh landfill had the appearance of present-

day waste (before separation for recycling), comprising textiles (shoes, carpets, clothes), 

paper, plastics, ceramics, wood, batteries, putrescible materials and soil (predominantly 

clay) (Figure 3).   
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Figure 2: Waste excavated from Leigh Marshes landfill 

  

Figure 3: Waste excavated from Hadleigh Marsh landfill 

3.2 Initial metal concentrations in matrix material 

The initial (pre-leaching) concentrations of metals within the matrix material, shown in 

Figure 4, were determined indirectly by mass-balance calculations using leachate 

concentration data, post-leaching moisture content, and metal concentrations in the 

matrix material post-leaching (Brand, 2017). 

Initial concentrations of each of the metals in the matrix material vary by up to an order 

of magnitude between samples. Al and Fe were the most abundant metals present in 

both Hadleigh Marsh and Leigh Marshes matrix materials, and were present in 

concentrations an order of magnitude higher than other metals. Generally, the Leigh 

Marshes samples had significantly higher initial concentrations of metals than the 

Hadleigh Marsh samples (Mann-Whitney U, α=0.05). 
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There were no significant differences in initial metal concentrations between the matrix 

material used for the Leigh Marshes deionised water and artificial seawater leaches. 

There were significantly higher Cr, Fe and Ni concentrations in the matrix material used 

for the Hadleigh Marsh deionised water leachates compared to the artificial seawater 

leaches (Mann-Whitney U, α=0.05). 

  



12 

 

   

 
LM-Sea outlier at 184 mg/kg 

 

 
LM-DI outliers to 4327 mg/kg 

 

 
LM-DI outlier at 3884 mg/kg 

 

  
LM-DI outlier at 4128 mg/kg 

 

Key:  

DI=Deionised water leaches 

Sea=Artificial seawater leaches  

(n=12 for each site/leachant combination, except n=11 for Mn in LM-

DI due to there being insufficient sample available for analysis) 

Figure 4: Calculated initial (pre-leaching) concentrations of metals in the Hadleigh Marsh (HM) 

and Leigh Marshes (LM) matrix material 
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3.3 Mass of metal released per kg of dry matrix material 

The leaching method used (BS EN 12457-2) requires results to be reported in terms of 

the mass of metals released per kilogram of dry waste (Table 2 and Table 3) to enable 

comparison to Waste Acceptance Criteria (WAC) limit values.  

In the deionised water leaches Leigh Marshes matrix material released more Co, Ni, Pb 

and Zn than the Hadleigh Marshes matrix material, but the Hadleigh Marsh matrix 

material released more Al, Cr, Cu and Fe than the Leigh Marshes matrix material 

(Mann-Whitney U, α=0.05). In the artificial seawater leaches Leigh Marshes matrix 

material released more Co, Mn, Ni, Pb and Zn than the Hadleigh Marshes matrix 

material, but the Hadleigh Marsh matrix material released more Cd, Cr and Fe than the 

Leigh Marshes matrix material (Mann-Whitney U, α=0.05). 

For both sites, significantly higher masses of each metal were released in artificial 

seawater compared to deionised water per kilogram of matrix material, with the 

exception of Al in the Hadleigh Marsh leaches where there is no significant difference 

between the deionised water and artificial seawater leaches (Mann-Whitney U, α=0.05). 

Table 2: Metal mass (µg) released per kg of dry waste from Leigh Marshes matrix material during 

leaching 

 

Element 

Metal mass (µg) released per kg of dry waste 

Samples for deionised water (n=12*) Samples for artificial seawater (n=12) 

Min. Max. Range Median Min. Max. Range Median 

Al 28.4 331.0 302.6 89.5 102.2 320.4 218.2 227.8 

Cd 1.32 3.55 2.23 2.48 51.5 77.2 25.7 71.6 

Co 1.89 5.25 3.36 4.54 7.29 15.8 8.54 10.7 

Cr 1.70 7.31 5.62 3.75 14.2 20.6 6.44 16.6 

Cu 8.9 40.2 31.3 22.5 60.5 233.4 172.9 124.5 

Fe 21.9 60.8 38.9 50.3 154.4 230.2 75.8 200.8 

Mn 0.21 7.52 7.30 1.66 43.0 117.7 74.7 57.6 

Ni 25.2 87.5 62.3 67.4 207.3 350.2 142.9 301.0 

Pb 1.42 39.2 37.8 4.08 87.0 1036 949.2 238.8 

Zn 446.5 1529.2 1082.6 1088.0 4180 6270 2090 5395 

*except n=11 for Mn in deionised water leaches due to there being insufficient sample for analysis 
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Table 3: Metal mass (µg) released per kg of dry waste from Hadleigh Marsh matrix material 

during leaching 

 

Element 

Metal mass (µg) released per kg of dry waste 

Samples for deionised water (n=12) Samples for artificial seawater (n=12) 

Min. Max. Range Median Min. Max. Range Median 

Al 104.5 323.3 218.7 221.9 54.5 304.3 249.8 149.6 

Cd 1.42 2.65 1.23 2.24 0.47 166.47 166.0 92.5 

Co 1.16 1.90 0.74 1.47 0.19 9.88 9.69 4.03 

Cr 5.33 12.30 6.96 6.46 3.92 54.2 50.3 25.8 

Cu 40.7 55.2 14.5 46.2 10.9 261.1 250.2 142.7 

Fe 44.2 114.6 70.3 55.6 86.2 411.5 325.3 261.9 

Mn 1.05 2.97 1.92 1.58 2.89 91.7 88.8 32.2 

Ni 34.6 51.2 16.6 39.9 5.4 379.0 373.5 196.1 

Pb 1.32 4.37 3.04 2.30 1.57 50.3 48.7 20.1 

Zn 432.8 827.0 394.2 651.3 349.5 8061 7712 4682 

 

Figure 5 compares these results to the Waste Acceptance Criteria inert limit values, 

where available, i.e. Cd, Cr, Cu, Ni, Pb and Zn. Metal release per kg of dry matrix 

material in all of the freshwater (deionised water) leaches is below the WAC inert limit 

values. However, the metals released per kg of dry matrix material during the artificial 

seawater leaches exceed the limit values for Cd and Zn in the majority of cases (i.e. 

median metal release > limit value). The limit value for Pb is only exceeded by a single 

outlier, which is an artificial seawater leach of the Leigh Marshes matrix material. No 

samples exceeded the limits for Cr or Cu. 
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HM-Sea outlier at 0.17 mg per kg of dried waste 

 

WAC-Inert = 0.5 mg per kg of dry waste 

 

WAC-Inert = 2 mg per kg of dry waste 

 

 

LM-Sea outlier at 1.04 mg per kg of dried waste 

 

Figure 5: Metal mass (mg) released per kg of dry waste compared to WAC limit values for 

landfilled waste. HM=Hadleigh Marsh, LM=Leigh Marshes, DI=Deionised water leaches, 

Sea=Artificial seawater leaches (n=12 for each site/leachant combination) 
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3.4 Potential concentrations of metals in the receiving 

waters 

Using Equation 1 it is approximated that a maximum of 10,900 tonnes (dry mass) of the 

matrix material would be released if a waste cell from Hadleigh Marsh landfill were to 

erode, and a maximum of 272,500 tonnes (dry mass) of the matrix material would be 

released if Leigh Marshes landfill were to erode. Table 4 shows the results of the 

calculations of the total dissolved metals released to the receiving waters (Equation 2), 

and Table 5 shows the calculated conservative estimates of the resulting metal 

concentrations in the receiving waters (Equation 3), compared to EQSs for the 

Protection of Surface Water Quality. All of the resulting concentrations are below the 

limits set by the EQSs. 

Table 4: Total mass of dissolved metal entering the receiving waters from the complete erosion of 

Leigh Marshes landfill or a single waste cell of Hadleigh Marsh 

 Total mass of metal released from matrix material if waste erodes (kg) 

 Leigh Marshes (whole site) Hadleigh Marsh (single waste cell) 

 River Sea River Sea 

Al 24.4 62.1 2.42 1.63 

Cd 0.68 19.5 0.024 1.01 

Cr 1.02 4.52 0.07 0.28 

Cu 6.13 33.9 0.50 1.56 

Fe 13.7 54.7 0.61 2.85 

Ni 18.4 82.0 0.43 2.14 

Pb 1.11 65.1 0.03 0.22 

Zn 296 1,470 7.10 51.04 
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Table 5: Maximum dissolved metal concentrations in the receiving waters resulting from the 

erosion of Leigh Marshes landfill or a single waste cell of Hadleigh Marsh landfill in a single tidal 

cycle compared to surface water quality EQSs 

 

EQS annual averages 

(ng L-1) 

EQS Max allowable 

concentrations (ng L-1) 

Max. concentration when diluted by 

tidal prism volume (ng L-1) 

River Sea River Sea 
Leigh Marshes Hadleigh Marsh 

River Sea River Sea 

Al n/a n/a n/a n/a 41.7 106 4.13 2.79 

Cd 802 200 4502 4502 1.16 33.4 0.04 1.72 

Cr III/ 

VI 

4,700/ 

3,400 

(n/a)/ 

600 

32,000/ 

(n/a) 

(n/a)/ 

32,000 
1.751 7.731 0.121 0.481 

Cu 1,0002 5,000 n/a n/a 10.5 58.0 0.86 2.66 

Fe 1,000,000 1,000,000 n/a n/a 23.4 93.6 1.04 4.88 

Ni 20,000 20,000 n/a n/a 31.4 140 0.74 3.65 

Pb 7,200 7,200 n/a n/a 1.90 111 0.04 0.37 

Zn 8,0002 40,000 n/a n/a 507 2,513 12.1 87.2 

1Crtotal.  2water hardness dependant, lowest limit shown. 

 

3.5 Proportions of the total metals released 

The proportion of each metal released during the leaching experiment as a percentage of 

the initial metal concentration is shown in Figure 6 for metals that are subject to EQSs 

for the Protection of Surface Water Quality. The proportions released were highly 

variable and generally less than 1% of the total matrix metal content was released. 

However, up to 3.2 % and 8.8 % of Cd was released in seawater for Leigh Marshes and 

Hadleigh Marsh respectively. 

For all metals (except Al in Hadleigh Marsh) significantly greater proportions were 

released in the seawater leaches compared to the freshwater (deionised water) (Mann-

Whitney U, α=0.05). This difference was up to two orders of magnitude, with the 

greatest increase being for Pb (5,450%) from the Leigh Marshes matrix material (based 

on median values). 

For most metals (Al, Cd, Cu, Fe and Ni) in freshwater (deionised water) a greater 

proportion was released from Hadleigh Marsh matrix material compared to Leigh 

Marshes matrix material (Mann-Whitney U, α=0.05). The median values differed 

between sites by up to one order of magnitude. 
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In the seawater, greater proportions of Cd, Cu, Fe and Ni were released from Hadleigh 

Marsh matrix material compared to Leigh Marshes matrix material, and greater 

proportions of Pb and Zn were released from Leigh Marshes matrix material compared 

to Hadleigh Marsh matrix material (Mann-Whitney U, α=0.05). The median values 

differed between sites by up to one order of magnitude. 

 

  
 

   

 
 

 

Key:  

DI=Deionised water leaches 

Sea=Artificial seawater leaches 

(n=12 for each site/leachant 

combination) 

Figure 6: Proportions of metals released from the Hadleigh Marsh (HM) and Leigh Marshes (LM) 

matrix material during the leaching experiments as a percentage of the initial concentration of each 

metal in the sample 
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4.    Discussion 

4.1 Composition of the waste 

The composition of waste excavated from Leigh Marshes landfill is likely to be broadly 

representative of over 850 industrial, commercial and household mixed waste landfills 

operational in England at a similar time (1955-1967) (Environment Agency, 2015; 

Parfitt, 2009). The composition of waste excavated from Hadleigh Marsh landfill is 

likely to be broadly representative of over 1400 other mixed waste commercial and 

household landfills operational in England at a similar time (1980-1987) (Environment 

Agency, 2015; Parfitt, 2009). The magnitude and variability of contaminants within the 

sites and the differences in waste materials and metal concentrations between the sites 

are consistent with previous research, and are attributable to the heterogeneous nature of 

landfill waste and changes in household waste materials over the 20th century (Brand 

and Spencer, 2019). 

4.2 Potential environmental impacts 

To understand the potential pollution risk from the landfill sites we need to understand 

the probability of them flooding or eroding and the impacts of resulting contaminant 

release (Brand and Spencer, 2018). Hadleigh Marsh and Leigh Marshes landfills are 

both located on the Thames Estuary and are at risk of fluvial flooding from land drains 

and tidal flooding from the estuary. The flood risk for Leigh Marshes ranges from “very 

low” (>1 in 1000 return period) to “high” (<1 in 30 return period) (Environment 

Agency, 2016). The flood risk for Hadleigh Marsh waste filled flood embankment is not 

defined on Environment Agency flood maps, but the over topping return period is 

estimated at between 1 in 100 and 1 in 200 for the lowest point, and between 1 in 1,000 

and 1 in 5,000 generally (Halcrow Group Ltd, 2012). Climate change effects will 

increase the flood risk for the sites as sea level rises and storm events become more 

frequent and intense, and for landfills further upstream, where the estuary is not yet 

fully saline, the salinity of floodwaters is also likely to increase. There is no evidence of 

hydrological connections between the waste in Leigh Marshes or Hadleigh Marsh and 

the estuary (Halcrow Group Ltd, 2012) suggesting that there has not previously been 

any saline water infiltrating into the sites. Therefore, it can be expected that tidal 
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flooding of the sites would cause the first intrusion of saline water into their waste and 

metals currently bound to their waste will be released into leachates. 

Here we consider the potential impacts from the coastal landfills in two scenarios; (a) 

The landfill is inundated by floodwaters, but the waste remains fully encapsulated, and 

(b) The landfill is eroded and waste materials enter estuarine or coastal surface waters. 

(a) The landfill is inundated by floodwaters, but the solid waste remains fully 

encapsulated 

Waste Acceptance Criteria (WAC) tests are standardised regulatory leaching tests used 

to assess the pollution risk posed by leaching from fully encapsulated waste. Under 

modern regulations, waste materials that generate leachates that exceed WAC inert limit 

values when tested according to BS EN 12457-2 are considered to pose a pollution risk 

even when leachate is being actively managed and they are not permitted to be 

landfilled within a groundwater source protection zone, on a major aquifer or below the 

water table where groundwater contributes significantly to river flow or other sensitive 

surface waters (Defra, 2010). 

All of the freshwater (deionised water) leaches are below the WAC inert limit values, 

suggesting that metals released from the matrix material pose no threat to water quality 

in a freshwater environment (Figure 5). However, the artificial seawater leaches exceed 

the limit values for Cd and Zn in the majority of cases (i.e. median metal release > limit 

value). 

Exceedance of the WAC inert limit values does not necessarily mean that leachates 

from the waste would be polluting in coastal waters. Although the limit values are used 

for assessing the pollution risk posed by leachates to all surface waters, they were 

originally developed for the protection of groundwater (Defra, 2010) and, therefore, do 

not account for differences between fresh, estuarine and coastal environments. The 

EQSs for the Protection of Surface Water permit higher concentrations of some metals 

in transitional and coastal waters compared to freshwaters before it is considered there 

will be an adverse impact upon water quality or aquatic life, e.g. Cr(III), and, depending 

upon freshwater hardness, Cd and Cu (Environment Agency, 2011; 2013). Iron, Ni and 

Pb have the same EQSs in fresh, transitional and coastal waters. Higher concentrations 

of Cr(VI), Zn and, depending upon freshwater hardness, Cd and Cu are permitted in the 
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EQSs for freshwater than in the EQSs for transitional and coastal waters (Environment 

Agency, 2011; 2013). Therefore, the use of the WAC inert limit values developed for 

freshwaters to assess historic coastal landfills creates the potential to underestimate the 

pollution risk posed to coastal waters by the leaching of Cd, Cr(VI), Cu and Zn, and 

overstate the risk posed by the leaching of Cr(III). This also suggests that the use of the 

WAC to test waste prior to disposal in present-day coastal landfills may underestimate 

the pollution risk posed to coastal waters by the leaching of Cd, Cr(VI), Cu and Zn. 

Therefore, there is a need for WAC limit values to be developed for coastal 

environments, not only for considering the impacts of historic landfills, but also to 

adequately assess whether waste materials being disposed of at present-day coastal 

landfills have the potential to pollute coastal environments. Whilst the continuation of 

controlled landfilling of solid waste in flood-prone coastal environments seems 

unlikely, this understanding could also be applied to the extensive, ongoing 

uncontrolled disposal of solid waste in many developing economies. In addition, it is 

likely that there will be significant attenuation of the metals in surrounding sediments 

(Christensen et al., 1994; Kjeldsen et al., 2002; O'Shea et al., 2018), the potential impact 

of this contamination of sediments on adjacent saltmarsh and mudflat habitats requires 

further investigation. 

It should also be noted that, although the focus of this paper is on surface water impacts, 

some historic coastal landfills are within groundwater source protection zones (SPZs), 

e.g. Temple Marsh in Kent is in SPZ2 and Broadness in Kent is in SPZ3. Only landfills 

with waste that produces leachates below the WAC inert limits when tested according to 

BS EN 12457-2 are permitted to be landfilled in those SPZs under current regulations. 

Sites that exceed the WAC inert limits are considered a pollution risk if located in those 

SPZs. The SPZs would be at risk of becoming polluted if metal mobilisation increased 

due to seawater flooding of the landfill sites; however, it is likely that the aquifers 

would no longer be used as water sources if saline intrusion occurred. 

(b) The landfill is eroded and solid waste materials enter surface waters 

When waste is fully encapsulated by capping materials it is likely that a significant 

proportion of the leaching metals would be attenuated within the waste itself and 

surrounding sediments (Christensen et al., 1994; Kjeldsen et al., 2002). Eroded waste 
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represents the highest risk scenario as there would be no attenuation of leached metals 

in other materials before the leachates enter the receiving waters.  

The concentrations of metals in the leachates generated by this study (see 

supplementary information) should not be directly compared to Environmental Quality 

Standards (EQSs) as the leaching ratio is arbitrary and is unlikely to be representative of 

real-world conditions. Instead, to assess the impact of soluble metals from the landfill 

entering estuarine waters, concentrations of metals in the receiving waters as a result of 

metal release from eroded waste were calculated and compared to EQSs for the 

Protection of Surface Water Quality. The rate of erosion would influence the maximum 

metal concentrations in the receiving waters, but currently there are no suitable 

modelling tools for assessing landfill waste erosion rates due to the complex mechanical 

properties of waste being poorly understood (Dixon and Jones, 2005). Therefore, worst-

case scenarios were considered where Hadleigh Marsh breaches and releases the 

entirety of the waste from one of its waste cells in a day or Leigh Marshes releases its 

entire volume of waste in a day (Table 4). 

The total mass of dissolved Cu, Ni and Zn that could be released from a single Hadleigh 

Marsh landfill waste cell in river or seawater is less than the daily output of most 

sewage treatment works (STWs), and the Thames Estuary has at least eleven STWs 

discharging into it (Stevenson and Ng, 1999). The total mass of dissolved Cu and Ni 

that could be released from Leigh Marshes landfill in river water is less than the 

combined daily output of the two largest STWs. The total mass of Zn in river water and 

Cu, Ni and Zn in seawater that could be released from Leigh Marshes landfill is 84%, 

48%, 116% and 418% of the average daily total input of those metals from all known 

sources respectively. However, this represents the worst-case scenario and it is unlikely 

that the entirety of Leigh Marshes landfill would erode in a single day as the site is 

protected by a flood defence and extends 200-350 metres inland. 

The maximum concentrations of metals in the Thames Estuary’s water due to the 

erosion of Leigh Marshes would be at least one order of magnitude below the EQSs for 

the Protection of Surface Water annual average and maximum allowable concentrations, 

and for Hadleigh Marsh they would be at least two orders of magnitude below the 

annual average and maximum allowable concentrations (Table 5). This is actually a 

significant underestimate of the dilution that would take place as it does not account for 
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the water present in the estuary that is not part of the tidal prism volume. In addition, 

breaching of a site is likely to occur during extreme events such as flooding or tidal 

surges when the dilution will be even greater than normal. Therefore, metals released 

from waste eroded from these sites are unlikely to have a significant impact upon water 

quality in the Thames Estuary and would not impact upon the River Thames’s status 

under the Water Framework Directive (WFD), as the WFD surface water classification 

system only considers annual average concentrations.  

However, soluble metals from larger landfills may have an adverse effect on smaller 

waterbodies if waste is eroded, particularly if the surface water quality is already near to 

EQS limits, and the effect of organic contaminants, e.g. Ammonium-N, requires further 

research.  

4.3 Proportions of the total metals released  

The proportions of metals released were calculated to test the assumption used by many 

existing landfill risk assessments that all landfills release the same proportion of their 

metal content when inundated. In general, higher proportions of metals were released 

when wastes were inundated by seawater compared to freshwater (deionised water) and 

there were generally higher proportions of metals released from the younger (1980s) 

Hadleigh Marsh landfill compared to Leigh Marshes landfill (1950s) (Figure 6). This 

may be due to either the nature of the leachant (e.g., salinity, pH, dissolved oxygen 

(DO) and dissolved organic carbon (DOC) concentrations) (Kalbitz and Wennrich, 

1998; Baun and Christensen, 2004) or the physical and chemical nature of the solid 

wastes (e.g., contaminant speciation, waste surface area and characteristics and 

availability of (de)sorption sites). 

There were no significant differences between the DO, redox potential, temperature or 

pH in the leachates for the two landfill sites in either deionised water or artificial 

seawater (Mann-Whitney U, α=0.05) (see supplementary information). Hadleigh Marsh 

leachates had significantly higher DOC concentrations than the Leigh Marshes 

leachates, probably reflecting the increased disposal of organic food waste (Bridgwater, 

1986) and the reduced time available for organic matter decomposition in the younger 

site. DOC can form complexes with metals increasing their mobility (Christensen et al., 
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1996); however, here DOC values were not positively correlated to the proportion of 

metals released. 

Therefore the increased proportion of metals released following inundation in seawater 

is most likely due to the formation of soluble metal complexes with Cl- and SO4
2- 

anions, and competition for sorption sites between Cd, Cu, Pb and Zn, and Ca2+, K+, 

Mg2+ and Na+ cations (Cosovic et al., 1982; Sposito, 1996; Kraepiel et al., 1997; 

Zachara et al., 1987; Millero, 1998; Chapman and Wang, 2001; Acosta et al., 2011; 

Heiser et al., 2001). 

The matrix material analysed comprises any solid wastes from the landfill that are 

<4 mm in size and, therefore, the matrix composition and metal speciation is likely to be 

highly variable due to the different types and sources of wastes in the landfills (Bódog 

et al., 1996). Matrix composition varies between landfills of different ages as the 

composition of waste going to landfill changes. There was a significant reduction in the 

amounts of landfilled coal ash following the introduction of the Clean Air Act (1956) 

and hazardous wastes such as asbestos following the Control of Pollution Act (1974). In 

general, there has been an increase in the disposal of plastics and organic waste over the 

last 50 years (Bridgwater, 1986). Therefore, the significant differences between the 

proportion of metals released from Hadleigh and Leigh Marsh are likely to be a result of 

the differences in the nature of the matrix materials, the types of wastes present and 

their physical/chemical characteristics.  

4.4 The implications for risk assessments 

Although contaminant concentrations in leachates have been well studied, only Belevi 

and Baccini (1989) have previously investigated the proportion of metals released from 

inundated waste and they only considered freshwater inundation. It is often their results 

that are used to represent all landfills in existing landfill risk assessments (e.g. Laner et 

al., 2008; 2009; Neuhold and Nachtnebel, 2011; Neuhold, 2013). The proportion of Cd 

released in the Leigh Marshes and Hadleigh Marsh leaches was comparable to the 

proportion released in Belevi and Baccini’s study, but the proportions of Cu, Fe, Pb and 

Zn released in their study were one to three orders of magnitude higher. This is likely to 

be because Belevi and Baccini dried and ground their samples prior to leaching, which 

can significantly increase metal mobility (Hu et al., 2008) and is not representative of 
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field conditions. This suggests existing risk assessments may have significantly 

overestimated the proportion of metals released to solution from inundated landfills. In 

addition, the large variability between sites (up to an order of magnitude) found in this 

study (Figure 6) suggests that the assumption made in many existing landfill risk 

assessments that all sites will release the same proportion of their metal content to 

solution when inundated is incorrect. This erroneous assumption becomes more 

significant in environments where some of the landfills being risk assessed may be 

inundated with saline waters. 

5.    Conclusion 

This research has found that the proportion of each metal released during leaching 

varies greatly between samples from a single landfill site and between landfill sites. 

This is probably due to variations in initial metal concentrations and speciation in the 

waste, and the presence of insoluble metalliferous particles in variable quantities. These 

differences mean that the proportions of metals released from material from one landfill 

site cannot be used to predict behaviour at other similar landfill sites, suggesting 

existing risk assessments that use standardised proportions to represent all sites are 

misleading in their conclusions and an alternative approach is needed. 

It has also been found that the proportions of metals released are significantly increased 

if the leachant is saline, which is probably due to the formation of soluble complexes 

between metals and saltwater anions, and competition for sorption sites between metals 

and saltwater cations. This increase suggests that when climate change effects lead to 

increased saline intrusion into estuaries there will be increased metal leaching from 

historic coastal landfill sites that are hydrologically connected to estuarine waters. 

Current European regulations and British Standard Institute methods for assessing 

leaching from landfill waste do not assess the effect of saltwater ingress into landfill 

sites. There is a clear need for them to be updated to consider the effects of saltwater 

intrusion when classifying waste for disposal at present-day coastal landfill sites, 

because although these sites have liners and leachate management systems it is believed 

that leachate will eventually escape even from well-engineered, lined landfills (Arneth 

et al., 1989; Bagchi, 1994; Allen, 2001). 
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Metals released from the historic coastal landfills analysed for this research, Leigh 

Marshes and Hadleigh Marsh, are unlikely to pose a risk to surface water quality due to 

the low proportions of metals mobilised (typically «1%) and due to high levels of 

dilution in the Thames Estuary. Total metal loads and the proportions of metals released 

can vary significantly between landfill sites, but it is also unlikely that metals released 

from other historic coastal landfills due to inundation will pose a pollution risk even for 

larger sites in lower flow locations due to attenuation of metals within the waste itself 

and in its capping materials, and the high levels of dilution that occurs as a result of 

river flow and tidal exchange in tidal environments. However, it cannot be assumed that 

metals released by waste eroded from the other c.1200 historic coastal landfills in 

England would not pose a risk to surface water quality as eroded waste would release 

metals directly into surface waters and the volume of waste and the dilution needs to be 

considered for each site individually. Furthermore, only the pollution risk from a limited 

suite of metals has been considered and the effect of other landfill contaminants, e.g. 

Ammonium-N, on surface water quality warrant further investigation. 

In addition, it is likely that there will be significant increase in metals attenuated in 

surrounding sediments when coastal landfills are flooded with saline waters, the 

potential impact of this contamination of sediments on adjacent saltmarsh and mudflat 

habitats also requires further investigation. 
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